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Chapter I

Evaluating PAH Biodegradation
Relative to Total Bacterial Carbon
Demand in Coastal Ecosystems: Are
PAHs Truly Recalcitrant?
Thomas J. Boyd, David C. Smith, Jude K. Apple,
Leila J. Hamdan, Christopher L. Osburn
and Michael T. Montgomery
Abstract
Various techniques have been used to evaluate microbial metabolic activity in
natural environments. In recent years, tracer additions of radiolabeled substrates coupled
with short term, environmentally-relevant incubation experiments have become standard
for assessing overall microbial growth rates as well as utilization rates for specific
components of the bioavailable carbon pool. Using these techniques, microbial activities
have been determined over a wide range of spatial and temporal scales in a variety of
estuarine settings, providing valuable insight into carbon cycling in these dynamic
systems. In this paper, we focus on patterns of microbial carbon consumption in estuarine
sediments and relate these to the utilization of polyaromatic hydrocarbons (PAHs) as a
recalcitrant, yet microbially available component of the carbon pool. Drawing on
extensive field studies and those published in the literature, we relate microbial metabolic
activities to the utilization of specific carbon species, discuss the partitioning of carbon
between bacterial production and respiration (utilization efficiency), address the
substrate-activity relationship for utilization of recalcitrant organic carbon and identify
seasonal effects on the utilization of natural and anthropogenic carbon pools. These
studies elucidate the advantages, disadvantages and caveats of relating microbial
consumption of bulk labile organic carbon to the utilization of specific components and
improve our ability to predict the fate of organic contaminants in estuarine systems.
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I. Introduction
Estuaries are dynamics environments with considerable physical, chemical and biological
forcing factors, as freshwater mixes into the sea. Their complex nature makes understanding
biogeochemical cycles at both spatial and temporal scales particularly challenging. The
heterogeneity of the sources and types of organic matter entering estuarine systems makes
predicting microbial utilization of individual structural components difficult at best. Given
the natural complexity, it is difficult to predict the residence time and biodegradability of
organic contaminants introduced into estuaries from human activities. As human impact on
coastal systems continues to increase (e.g. Small and Nicholls 2003), it will be ever more
imperative to better our understanding of contaminant turnover in sensitive estuarine systems.
The ability of microbes to degrade organic contaminants such as PAHs has been known
for decades [e.g. Sisler and ZoBell 1947] and an excellent general review of environmental
factors controlling marine hydrocarbon biodegradation is provided by Atlas [1981]. In theory,
organic contaminants should represent “just another” substrate available for microbial growth
and respiration. Most persistent organic compounds bear some chemical resemblance to
natural compounds, thus allowing at least limited biodegradation. And, as been demonstrated
empirically, most organic compounds are biodegradable provided favorable environmental
conditions. Hence, considerable effort has been made in relating chemical structure to
degradability for a number of organic contaminant classes. For cultured microorganisms,
structure-activity relationships have been developed. Initially, converting laboratory or
theoretical structure-activity relationships to field settings proved difficult. Wolfe et al.
[1980] found a reasonable correlation between second order biodegradation rate constants in
natural water samples and second order alkaline hydrolysis rates for phthalates and several
pesticides in distilled water. Although not the first such study to link structure to
biodegradability, Wolfe et al. [1980] used natural water samples, thus attempting to include
the effects of physicochemical forcing factors on biodegradation in the field. Research in
structure-activity relationships has refined models and generated computer algorithms to
predict not only biodegradation potential, but also environmental risk and potential
degradation pathways [Boethling et al. 1989, Kompare 1998, Dearden 2002, Jaworska et al.
2003, Hou et al. 2003]. Despite these gains, Wammer and Peters [2005] showed a very
narrow range of biodegradation rates based solely on structure (i.e. without environmental
forcing factors such as bioavailability), indicating that environmental forcing factors are a
critical component in understanding biodegradation rates.
At the molecular level, chemical structure dictates whether a given enzyme system can
catabolize an organic molecule. The family of enzymes expressed in response to PAHs often
fall into one of two broad categories of multi-enzymes (upper and lower degradation
pathways) [c.f. Dagley 1987]. A strain that is expressing genes responsible for naphthalene
degradation is also typically expressing genes useful for degrading other lower molecular
weight aromatic hydrocarbons. Thus subtle differences in chemical structure would be of
little importance in determining hydrocarbon metabolism rates unless the compound was so
novel as not to be recognized by any of the enzymes of either the upper or lower pathway.
Chemical structure can also be important in metabolic efficiency as PAHs that are more
thermodynamically stable may require more cellular energy to metabolize and give the
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degrading strain a disadvantage when competing for nutrients and oxygen with natural
organic matter (NOM) degraders.
A factor dictating biodegradation is contaminant concentration. It is widely accepted that
a threshold concentration exists under which biodegradation is not metabolically favorable
[Boethling and Alexander 1979a]. The threshold concentration is believed to either represent
a level where no net energy can be obtained from the substrate or a level insufficient to
stimulate the synthesis and deployment of catabolic enzymes [Wiggins et al. 1987, Aelion et
al. 1987, Wiggins and Alexander 1988]. Exceeding the threshold concentration, one might
expect a greater rate of biodegradation [Boethling and Alexander 1979b, Alexander 1985].
Pre-exposure of populations to low and high levels of contaminants may therefore impact
subsequent biodegradation [Aelion et al. 1989]. Hwang et al. [1989] suggested that different
enzyme systems may be responsible for contaminant biodegradation at different
concentrations and that enzymes with different kinetics are expressed depending on
contaminant concentration and pre-exposure. Adaptation appears to be only one aspect of the
story as contaminant-adapted cells eventually loose the ability to degrade compounds at
lower concentrations [Roch and Alexander 1997]. Because various enzyme systems working
at an array of saturation values are generally responsible for contaminant biodegradation in
soils, water and sediments, kinetics necessarily depend on pre-exposure and contaminant
concentrations [Scow et al. 1986, Wiggins et al. 1987, Wiggins and Alexander 1988, Scow
et al. 1989].
Another parameter impacting biodegradation of organic contaminants in soils and
sediments is contaminant bioavailability. Contaminants aged in soil and sediments become
less extractable and amenable to biodegradation the longer the aging process continues.
Hatzinger and Alexander [1995] demonstrated decreased nitrophenol and phenanthrene
biodegradation after extensive sediment or soil aging. Mineralization of contaminants
generally decreased as a function of the aging time, indicating a decrease of bioavailability
with increased aging [Hatzinger and Alexander 1995]. While the exact means of
bioavailability loss for every contaminant in every soil and sediment type is unknown, many
explanations exist. A recent review has proposed several general “cases” to conceptualize
sorption in soils and sediments [Luthy et al. 1997]. In this conceptual model, different
geosorbents were evaluated in terms of sorption kinetics, activation energy, heat of sorption,
competitive binding sites, steric effects, and solvent extractability. While conceptual models
have helped define general processes impacting bioavailability, Chung and Alexander [1998]
were unable to definitively model either solvent extractability or bioavailability despite using
16 different soil types. There is evidence that metal-organic complexes may be partially
responsible for sediment-PAH sorption [Eschenbach et al. 1998]. This phenomenon would be
especially applicable to estuarine sediments as estuarine mixing greatly impacts the ionic
composition of sedimentary material. Reichenberg and Mayer [2006] suggest two different
aspects control bioavailability; the accessible quantity – that being available (or which can
become available), and the chemical activity – the ability of the “local” environment to yield
the contaminant to resident microorganisms. In soils and sediments, this may of less
importance when OM utilization may be dominated by surface-associated strains. A common
conceptual model is presented by Johnsen et al. [2005 – Figure 3]. In this model, microbes
must come in contact with the diffusion boundary dictated by particle sequestration and the
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particle-to-water diffusion coefficient of the sorbed contaminant. If microbes actively attach
to particles or in fact to the PAH molecules as shown by Wick et al [2002], the diffusion
boundary layer may be minimal, giving attached bacteria a selective advantage for
biodegradation. If not, biodegradation through intermediary dissolution into the aqueous
phase would be assumed for free-living bacteria [Reid et al. 2000, Johnsen et al. 2005,
Johnsen and Karlson 2007].
While geosorbents have received much of the experimental and modeling attention, the
role of black carbon (soot) and colloids on contaminant bioavailability have also been
assessed. Black carbon constitutes approximately 4% of the organic carbon in soils, and
about 9% in sediments [Cornelissen and Gustafsson 2005]. It is believed that hydrophobic
contaminants are more strongly bound to black carbon than mineral-based geosrobents
[Jonker et al. 2005]. In marine systems, soot also appears to be a dominant sorbent for PAH
[Gustafsson and Gschwend 1997, Lohmann et al. 2005]. In estuarine porewaters, colloids
effectively sorbed 25-52% of added PAHs within roughly one day [Chin and Gschwend
1992]. Surprisingly few direct studies have targeted the impact of colloidal sorption with
PAH biodegradation. Meredith et al [1998] observed no change in PAH biodegradation based
after addition of colloidal humic acid as a sorbent. In contrast, Vacca et al [2005] reported
enhanced biodegradation of PAH sorbed to humic acid colloids, postulating that bacteria
were able to utilize PAH without previous partition from the colloidal to aqueous phase. One
can imagine competing forces in natural systems, with some facilitating and others hindering
the biodegradation of hydrophobic organic contaminants. Empirical data on the persistence of
“degradable” concentrations of PAH clearly demonstrate that bioavailability has a large
impact on the fate of contaminants in soils and sediments [c.f. Johnsen and Karlson, 2007,
Johnsen et al., 2005, Reid et al., 2000].
Given that hydrocarbons represent an excellent source of energy, routinely made use of
by humans, it should come as no surprise that hydrocarbon contaminants also represent a
potential source of energy and carbon for microorganisms. Although bacteria in nature
seldom grow as they do in laboratory cultures, it is obvious that given ample organic material
and nutrients, copiotrophic bacteria will grow and reproduce rather than utilize the organic
material for energy alone. In nature, the ability of bacteria to find both ample substrate and
nutrients is rare and most likely episodic. Microorganisms generally live in a state between
growth and starvation [c.f. Kjelleberg et al., 1987]. Large-scale hydrocarbon contamination
represents a “feast” in terms of carbon and energy to impacted environments (if toxicity
effects are minimal). Without nutrients, principally nitrogen (for proteins and nucleic acids)
and phosphorous (for ATP and nucleic acids), organisms are unable to significantly increase
biomass, thus biodegradation is limited. Microorganisms typically try to preferentially
increase biomass over utilizing carbon for maintenance energy. Cornelissen and Sijm [1996]
reported that while 47-83% of available energy is generally utilized for growth, aromatic
hydrocarbon biodegradation (toluene and PAHs) showed much lower growth efficiencies (926% used for growth). Boyd et al. [2001] observed relatively high growth efficiencies for
benzene (average 66%) and toluene utilization (average 59%) in groundwater under
anaerobic conditions. In this study, no correlation was found between benzene or toluene
utilization and in situ nutrients (NO3-, NH4+, PO43+). Similarly, Guerin and Jones [1989],
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found no correlation between PAH biodegradation and nutrient concentrations in estuarine
sediments.
While it stands to reason that nutrient additions should stimulate biodegradation of
hydrocarbons, demonstrating it in the field has been problematic. Paris and Rogers [1986]
found virtually no phenol biodegradation enhancement following nutrient enrichment. Jones
and Alexander [1988] however observed a shortened acclimation period for nitrophenol
utilization when nutrients were abundant. Acclimation, not only to substrates, but perhaps
also to elevated nutrient concentrations, appears to have a significant impact on altering the
microbial assemblage, stimulating “degraders” to become a more prominent percentage of the
total population. In attempting to stimulate organic contaminant degradation by nutrient
addition, Steffensen and Alexander [1995] showed that altering an environment to stimulate
contaminant biodegradation may serve to stimulate “other” organic matter biodegradation,
not biodegradation of the contaminant of interest. This phenomenon was observed in a
gasoline-contaminated groundwater site where a groundwater circulation system designed to
introduce atmospheric oxygen to anaerobic groundwater greatly stimulated overall bacterial
production, but virtually eliminated benzene and toluene utilization which had been occurring
anaerobically [Boyd et al. 2001]. In terms of stimulating biodegradation, numerous attempts
have been made to augment contaminated sites with nutrients in an attempt to enhance
microbial catabolic activity. Abundant successful applications in microcosms and mesocosms
have been described, but definitive field demonstrations are few [Venosa et al. 1996,
Macnaughton et al. 1999, Venosa et al. 2002, Röling et al. 2004, Jiménez et al. 2006]. Crude
petroleum biodegradation appears overall to be stimulated by nutrient additions [Venosa et
al. 1996, Wrenn et al. 1997], PAH and aromatic compound degradation appears less so
[Garcia-Blanco et al. 2007]. While, biodegradation kinetics may not be altered, addition of
fertilizer has been shown to change the microbial community composition [c.f. Ogino et al.
2001]. As we discuss in the following section, changes in community composition may be an
important precursor to specific organic contaminant degradation.
While nutrient additions have shown limited effectiveness in stimulated contaminant
biodegradation, the addition of specific hydrocarbon-degrading bacteria (bioaugmentation)
has been even more problematic. For the most part, in situ microbial consortia generally out
compete added microbes [c.f. Chapelle, 1999]. As mentioned above, it appears that
“degraders” become a more active component of the assemblage after environments are
loaded with organic contaminants, but it has been difficult to correlate an increase in
degrader abundance or overall bacterial abundance to enhanced contaminant utilization [e.g.
Hickman and Novak, 1989]. In general, bioaugmentation using specific microbial strains has
shown promise for chlorinated solvent bioremediation [Ellis et al. 2000, Morrill et al. 2005,
Da Silva et al. 2006] and some successes have been documented in microcosms [Jouanneau
et al. 2005, Yu et al. 2005] and engineered remediation systems [Trably et al. 2003, Domde
et al. 2007]. While added organisms have been detected in contaminated environments after
bioaugmentation [Mishra et al. 2001], in situ bioaugmentation for PAH bioremediation
appears to be a reasonably ineffective treatment [Johnsen et al. 2007].
One underlying theme common to soil hydrocarbon plumes and aquatic sediments is the
utilization of molecular oxygen to a point where contaminants tend to remain only in
localized anaerobic zones. For instance, in groundwater, the majority of the plume may be
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anaerobic and high in contaminants, while the edges are low in contaminant and are still oxic.
In sediments, this generally occurs below some depth where organic carbon utilization
exceeds oxygen diffusion. While anaerobic PAH degradation has been documented under
sulfate-reducing [Coates et al. 1996, Coates et al. 1997] and nitrate-reducing environments
[McNally et al. 1998], a general consensus is that anaerobic biodegradation is extremely slow
under natural conditions [e.g. Quantin et al. 2005]. Dissolved oxygen appears to be a major
factor driving PAH biodegradation in estuarine sediments and aquifers [Bauer and Capone
1985, Brubaker and Stroo 1992, Montgomery et al. 2002, Boyd et al. 2005a].
While there are many trends have been observed regarding general hydrocarbon and
specifically PAH biodegradation control, a comprehensive study covering multiple
environments and describing the impact of multiple forcing factors does not exist. In general
PAH are typically considered an “exception” rather than just another component of the
carbon pool available to microorganisms as a source of carbon and energy. This chapter
reports on a series of studies completed from 1997 through 2004 in seven different estuarine
systems. In these studies, PAH biodegradation was measured during short-term tracer
incubations along with concurrently-measured bacterial production, temperature, dissolved
oxygen and other environmental forcing factors. We begin the discussion of our findings with
sections on the what is known regarding factors controlling natural organic matter (NOM)
biodegradation in estuarine systems and the methods used to assess overall microbial
activities and specific carbon (i.e. contaminant) biodegradation. We then discuss PAH
relative to NOM utilization and what is known of the interplay between utilization of labile
and refractory organic matter. The results of our studies along with others that highlight
underlying principles of PAH biodegradation in estuarine systems are then described. Finally,
a conceptual framework for assessing biodegradation is proposed. It is hoped that this crosssystem approach to assessing PAH biodegradation in estuarine sediments leads to an
improved fundamental understanding of both PAH and perhaps other recalcitrant organic
matter biodegradation.

II. Assessing Microbial Activities
The first careful measurement of PAH utilization at environmentally realistic levels in
estuarine sediments was performed by Herbes and Schwall [1978]. This study was
particularly relevant as they measured not only PAH mineralization, but also its incorporation
into cellular biomass and soluble metabolic intermediates. In order to account for variations
in ambient concentration of PAH, radiolabeled PAHs were added at various concentrations so
that saturation kinetics could be determined. The authors also measured the utilization of
radiolabeled PAH over time in order to investigate degradation kinetics. In subsequent
studies, 14C-labeled substrates were used in short-term incubations to assess spatial (salinity
through and estuary) and temporal (seasonal) variation in aromatic hydrocarbon
biodegradation [Pfaender and Bartholomew 1982, Bartholomew and Pfaender 1983] These
studies were significant for two reasons. First, as in Herbes and Schwall’s studies, both
respiration and incorporation were measured allowing calculation of degradation efficiency
(although they were not reported), and second, the authors assumed added radiotracers were
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in excess of any ambient contaminant. A significant methodological unknown when
analyzing radiolabeled substrate mineralization is the efficiency of biodegradation. If one has
a minimal number of samples, cellular incorporation can be readily assayed [e.g. Herbes and
Schwall 1978]. By “digitizing” graphs in this paper, growth efficiencies were calculated as
~38% for naphthalene and ~78% for anthracene utilization. Typically, mineralization (i.e.
conversion to CO2) is the only measured parameter in 14C-substrate addition studies. Clearly,
unknown growth efficiencies would introduce errors in substrate utilization estimates.
In addition to efficiency considerations, the studies of Shiaris [1989a, 1989b] highlight
another difficulty with assessing contaminant degradation using 14C-labled substrates: the
impact of isotopic dilution. Tracer-based biodegradation studies generally rely on one of two
assumptions: 1) the radiotracer is added at a concentration far exceeding the ambient
concentration, or 2) the radiotracer is added at a concentration that is negligible compared to
the ambient concentration. In the first scenario, the microbial assemblage is presented with a
“new” substrate to degrade and therefore must synthesize the metabolic capability to do so.
This is partially the cause for lags observed when measuring biodegradation rates [e.g. Shimp
and Pfaender 1987, Aelion et al. 1987]. Assumption two is preferable in terms of
understanding the in situ rate of substrate biodegradation. The idea in this scenario is that
organisms will be minimally impacted by a tracer addition of substrate (i.e. < 10% of the
ambient pool), and will continue their metabolism without up-regulating protein synthesis to
degrade the contaminant of interest. Common practice is also to end the incubation in as short
a time as possible so that bottle effects are minimized (i.e. organisms do not utilize energy
and carbon synthesizing proteins strictly to deal with a new environment). A compication for
assumption two is that one must measure the ambient concentration of the same compound
added as a radiotracer. This allow recalculation of specific activity based on the total pool of
substrate in question. The importance of calculating isotopic dilution has been reported for
ecological studies [e.g. King and Berman 1984], but is largely disregarded in the PAH
biodegradation literature. It is a critical component in performing experiments with isotopic
tracers as it can dramatically impact the final rate measurements. In addition, because
measurements are generally conducted with contaminated groundwater, soils or sediments,
ambient concentrations almost certainly impact the analysis. For instance, if one examines the
experiment of Boethling and Alexander [1979] in which radiolabeled substrates were added
to stream water at concentrations ranging over six orders of magnitude, the impact of an
appreciable ambient contaminant load would change the results markedly. The rate of CO2
production from 14C-labeled 2,4-D ranged 6 orders of magnitude. If exposed stream water
were used for the experiments and had an ambient concentration of 2.2 µg mL-1, recalculating
the rates using isotopic dilution would only give two orders of magnitude variation in
respiration rates. The work of Shiaris [1989a, 1989b], provided detailed methods for
calculating and using isotopic dilution in reporting PAH mineralization rates.
Another critical experimental unknown when measuring 14C-labeled substrate
mineralization is the stoichiometry of the contaminant biodegradation process. For PAHs this
may be lead to considerable uncertainty as some compounds are available as uniformly
labeled (UL), for instance naphthalene, while others are labeled only on one of the ring
positions, like fluoranthene-3-14C. So, for instance, if one adds 10 molecules of UL-14Cnaphthalene to an incubation, then recovers 10 molecules of 14CO2, it is unknown if ten
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naphthalene molecules were partially degraded, one molecule was completely degraded to
CO2, or some intermediate number of naphthalenes were mineralized. In this scenario, over
90% error in degradation rate estimates is possible. Although this seems unmanageable, there
are several phenomena that might mitigate experimental error. There are only several major
pathways that have been observed for breakdown of aromatic compounds [c.f. Dagley 1987].
If one were to allow biodegradation to occur for only a brief period, one might expect buildup
of “known” degradation intermediates as certain pathway steps require more activation
energy than others leading to transient buildup of certain intermediates. Short incubation
times fit perfectly with tracer study theory, wherein a negligible amount of 14C-labeled
substrate is added relative to the ambient concentration. If done properly, a short incubation
time coupled with a small number of labeled substrate molecules relative to ambient
molecules, one might expect to drive the stoichiometry towards each 14CO2 coming from one
UL substrate molecule. For this reason, our biodegradation studies assume one molecule of
14
C-labeled naphthalene is degraded for each 14CO2 molecule recovered [c.f. Boyd et al.
2005].
Short-term tracer incubations are however susceptible to another uncertainty. When
tracer substrate is added to soils or sediments, one cannot be certain there is instantaneous
homogenous distribution of isotopic tracer with the ambient pool of substrate. Tracer theory
relies on equilibrium mixing of added and substrate. Radiolabeled substrates are generally
added in solvent diluent. The impact of solvent addition has been studied extensively [c.f.
Herbes and Schwall 1978, Bauer and Capone 1985] and can be minimized to have no
statistical effect. However, considerable effort has been given to understanding the “aging” of
14
C-labeled substrates in sediment slurries [c.f. Aptiz et al. 1999]. Reid et al [1998] found that
the most rapid equilibrium for added radiolabeled PAH tracers occurred when soils or
sediments were dried before mixing. While this might allow more homogenous distribution
of added isotope, it is impractical for performing rapid microbiological assays given the
deleterious effect it would have on natural sediment microorganisms. For lower molecular
weight PAHs (up to three rings), sorption and desorption to sediment slurries was found to be
linear and rapid and was concluded to have little impact on biodegradation rate measurements
[Chandra et al. 1996]. For studies presented here, 14C-labeld substrates were added to
polystyrene tubes after minimal dilution in solvent. The solvent was then allowed to
evaporate prior to inoculation with sediment slurry. PAH sorption to the incubation vessel
was assayed and averaged >90% remaining after aqueous rinses.
In previous work by the current authors and others a strong relationship between
availability of dissolved oxygen (DO) and PAH biodegradation has been noted [see
Introduction section]. Because oxygen comprises ~21% of the atmosphere, it can become a
contaminating presence when performing biodegradation studies to determine in situ rates.
One difficulty in performing incubations is an accurate knowledge of sediment DO content of
collected sediments prior to incubation. Without this information, it is impossible to
acclimate the incubation headspace to the appropriate oxygen partial pressure. Incubations
reported here were performed in 100 mL culture tubes using surficial sediment material. One
milliliter of filtered natural water collected immediately above the sediment surface was
added to make sediment slurries. We calculated that oxygen introduced to the tube during
sample processing would likely penetrate only ~2 mm into the overlay water used to make
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the slurries [Boyd et al. 2005a] and thus not significantly influence the results. Bastviken and
Tranvik [2001] conducted a study to determine if atmospheric oxygen could bias estimates of
bacterial production in aerobic and anaerobic waters. They concluded it was possible to
accurately measure leucine incorporation in anoxic samples without using an anaerobic hood
to transfer and incubate samples.
Given the uncertainties inherent in measuring PAH biodegradation, it seems of utmost
importance to perform experiments with consistent methodology. For the reasons discussed,
it is appropriate to design experiments such that true tracer levels of PAH are added to
determine in situ rates, rather than determine “potential” by adding PAH to pristine sediment
or water. This seems intuitive as the driver to measure PAH utilization rates is almost
universally related to detectable levels in the environment. Although the uncertainties in
methodologies may be considerable, one might predict that consistent application of a
particular experimental protocol should provide largely systematic error such that crossseason or cross-system comparisons prove valid even if actual rates are not completely
accurate (Table 1).

III. Estuarine Microbial Activities
Bacteria dominate the biomass of estuarine microbial communities and mediate almost
every ecologically relevant biogeochemical process [Day et al. 1989]. Understanding
environmental factors that regulate the microbial metabolism are fundamental to
understanding natural and contaminant carbon cycling in estuarine ecosystems. Manipulative
experiments and field studies alike have identified significant effects of temperature [Apple
et al. 2006], dissolved organic carbon concentrations (DOC) [Shiah and Ducklow 1994a],
inorganic nutrients [Smith and Kemp 2003], nutrient stoichiometry [Goldman et al. 1987],
salinity [del Giorgio and Bouvier 2002], and organic substrate source and quality [Revilla et
al. 2000, Amon et al. 2001] on microbial carbon metabolism. These various factors
differentially influence pathways of carbon metabolism.

Temperature and Salinity
Temperature and salinity are two of the most important factors influencing biotic and
abiotic processes in estuarine ecosystems, with temperature exhibiting a universal effect on
the range and magnitude of biological processes [Malone et al. 1988, Smith and Kemp 1995,
Lomas et al. 2002, Apple et al. 2006] and salinity being a fundamental force shaping
biogeochemical processes, species distribution and water-column chemistry [Day et al.
1989]. Recent analysis of data from over 50 estuarine systems corroborates the primacy of
temperature and salinity in shaping the variability in microbial processes and water column
chemistry [Apple et al. 2007].

Table 1. Locations, substrates, mineralization rates and turnover times for estuarine sediments

Estuary
Charleston, SC

Chesapeake Bay, VA

Narragansett Bay, RI

Pearl Harbor, HI

San Francisco Bay, CA

San Diego Bay, CA

Delaware Bay, PA

Substrate
Naphthalene
Phenanthrene
Fluoranthene
Naphthalene
Phenanthrene
Fluoranthene
Naphthalene
Phenanthrene
Fluoranthene
Naphthalene
Phenanthrene
Fluoranthene
Naphthalene
Phenanthrene
Fluoranthene
Naphthalene
Phenanthrene
Fluoranthene
Naphthalene
Phenanthrene
Fluoranthene

Mineralization Rate (μg C kg-1 d-1)0
Stations
Average
Median
157
185
185
66
65
62
15
12
13
37
37
37
24
17
20
22
22
22
198
196
185

31.7
30.9
191
6.5
3.9
18.4
1.51
0.31
1.36
93.3
74.1
168
1.23
11.8
0.65
2.5
1.3
4.8
2.2
4.3
6.1

2.29
0.41
0.34
2.07
2.96
1.08
1.1
0.22
1.13
1.26
1.56
1.54
0.5
4.1
0.2
0.91
0.4
2.97
0.36
1.50
0.41

Range
low
high
0
0
0
0
0
0
0.13
0
0
0
0
0
0
0
0
0
0
0
0
0
0

567
935
16730
45
92
854
0.48
0.92
2.87
603
895
2911
8.8
91.4
5.4
10.9
8.6
42
48.5
60
223

Turnover Time (d)
Stations
Average

Median
low

41
118
107
32
54
49
0
12
13
35
35
30
3
11
16
0
20
20
164
185
183

218
2586
1500
191
1470
723
NA
225
102
1229
14590
2164
8.3
8
342
NA
1006
1922
1470
440
973

73
526
517
8.1
431
195
NA
122
41
702
918
565
3.9
1.47
184
NA
185
796
131
125
367

3.7
1.1
0.6
0.07
0.32
5.6
NA
5.1
5
34
17
8
1
0.17
3.2
NA
8
20
0.01
2.2
0.19

Range
high
3680
28716
16347
2498
22388
7264
NA
756
412
6950
125495
34125
20
62.4
2088
NA
8342
11592
21000
4220
15600

Table 2. Concentration of labile and refractory DOC in Chesapeake Bay and Delaware Bay in µg C L-1. L1 refers to DOC utilized by
bacterioplankton during aerobic respiration in less than 5 days. L2 refers to DOC utilized by bacterioplankton during aerobic
respiration in less than 20 days. ROM refers to refractory DOM requiring greater than 20 days to be oxidized

Date
Sep-03
Sep-03
Sep-03
Sep-03
Sep-03
Sep-03
Sep-03
Sep-03
Sep-03
Sep-03
Mar-04
Mar-04
Mar-04
Mar-04
Mar-04
Mar-04
Mar-04
Mar-04
Mar-04
Mar-04
Mar-04
Mar-04
Mar-04
Mar-04
Mar-04

Location
Tidal Fresh Chesapeake Bay
Tidal Fresh Chesapeake Bay
Tidal Fresh Chesapeake Bay
Mesohaline Chesapeake Bay
Mesohaline Chesapeake Bay
Mesohaline Chesapeake Bay
Polyhaline Chesapeake Bay
Mesohaline Delaware Bay
Mesohaline Delaware Bay
Mesohaline Delaware Bay
Oligohaline Delaware Bay
Mesohaline Delaware Bay
Mesohaline Delaware Bay
Mesohaline Delaware Bay
Tidal Fresh Chesapeake Bay
Tidal Fresh Chesapeake Bay
Mesohaline Chesapeake Bay
Mesohaline Chesapeake Bay
Mesohaline Chesapeake Bay
Mesohaline Potomac River
Mesohaline Potomac River
Mesohaline Potomac River
Polyhaline Chesapeake Bay
Polyhaline Chesapeake Bay
Polyhaline Chesapeake Bay

Depth (m)
1.0
3.0
6.0
1.0
12.0
17.0
1.5
1.0
5.0
10.0
2.0
2.0
5.9
10.4
1.9
5.0
1.9
16.5
26.5
1.9
8.0
14.2
2.0
4.0
9.0

Lat
39.4531
39.4531
39.4531
37.8345
37.8345
37.8345
36.9602
39.2387
39.2387
39.2387
39.5014
39.3824
39.3824
39.3824
39.4403
39.4403
37.8712
37.8712
37.8712
38.1715
38.1715
38.1715
37.2324
37.2324
37.2324

Long
-76.0222
-76.0222
-76.0222
-76.1815
-76.1815
-76.1815
-75.9970
-75.3157
-75.3157
-75.3157
-75.5580
-75.4779
-75.4779
-75.4779
-75.9961
-75.9961
-76.1579
-76.1579
-76.1579
-76.5875
-76.5875
-76.5875
-76.1295
-76.1295
-76.1295

DOM
(total)
2950

2750

1880

2500
2000

1790
2140

1810

1888

*L1 and L2 calculated from 5 and 20 day BOD data respectively assuming a ratio of xxx

L1-DOM
346
318
363
253
148
131
206
250
374
421
794
646
933
495
566
698
617
570
505
635
572
539
446
271
403

L2-DOM
539
397
433
423
309
376
341
19
502
361
1096
892
1288
684
782
964
851
787
697
878
790
744
616
378
556

ROM (DOC
-(L1+L2))
2064

%
Labile
(L1)
12

%
Labile
(L2)
18

% Labile
(Sum
L1+L2)
30

2074

9

15

25

1333

11

18

29

610
463

32
32

44
45

76
77

442

32

44

75

672

29

40

69

297

35

48

84

826

24

33

56

24

34

58
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Temperature plays a fundamental role in regulating the activity and growth of all
microorganisms [Rose 1967, Madigan et al. 2003]. The effect of temperature on cellular
processes in non-psychrophylic cultured bacteria has been well documented, with a general
consensus that metabolic rates approximately doubles for each 10ºC increase in temperature
[Morita 1974]. The temperature effects on natural bacterioplankton communities in temperate
and sub-tropical estuaries are not as well understood but have been the subject of numerous
studies [Hoch and Kirchman 1993, Sampou and Kemp 1994, Shiah and Ducklow 1994a,
Pomeroy et al. 1995, Felip et al. 1996, Raymond and Bauer 2000, Staroscik and Smith
2004], the overwhelming majority of which have focused on the temperature dependence of
bacterial growth rates and production (BP) alone.
In general, these studies share two fundamental conclusions. First, that the temperature
dependency of bacterial growth and production is stronger at lower temperatures, and second,
that temperature effects are often modulated by other environmental conditions, namely the
availability of inorganic nutrients and the quality and quantity of organic matter substrates
available for growth. Three studies of seasonal PAH biodegradation in estuarine sediments
showed found no direct correlation between the former and in situ temperature [Shiaris 1989,
Montgomery et al. 2002, Boyd et al. 2005a]. The rate of PAH delivery to the sediments may
vary during the season, providing a constant flux [c.f. Arzayus et al. 2001, Pohlman et al.
2002]. Accumulation may be impacted not only by PAH degraders, but also by lower
activities of benthic invertebrates that rework sediments allowing DO and nutrient influx and
removal of wastes [Schaffner et al. 1997].
Estuarine circulation creates an environment where dramatic changes in salinity may
occur on relatively small spatial and temporal scales. In this regard, changes in salinity have
the potential to influence microbial metabolic processes, especially for microorganisms faced
with the need to maintain internal osmotic state. del Giorgio and Bouvier [2002] documented
increased mortality, decreased cell growth and single-cell activity in the estuarine turbidity
maxima, attributing this to physiological stress associated with changing ionic strength.
Salinity may also have an direct effect on phylogenetic composition of resident bacterial
communities [Barcina et al. 1997], which in turn influences microbial metabolic processes.
For example, shifts in both phylogenetic composition and the abundance of highly-active
cells have been documented along salinity gradients in a wide range of estuaries [del Giorgio
and Scarborough 1995, Crump et al. 1999, Pinhassi et al. 1999, Bouvier and del Giorgio
2002, Cottrell et al. 2006] and have been linked to the variability and magnitude of
community-level metabolic processes [Yokokawa et al. 2004]. Concurrent changes in
metabolism and salinity may also be related to changes in resource availability, as the supply
and quality of organic matter varies dramatically along the estuarine gradient. In their study
of York River estuary, Schultz and Ducklow [2000] observed distinct differences in the type
of DOM used by bacterioplankton at different salinity ranges, while Schultz et al. [2003]
report a strong correlation between bacterial metabolism and salinity, with highest values of
specific growth at the freshwater endmember. Unlike the effect of temperature, the role of
salinity in the regulation of microbial metabolism represents the effect of a complex
combination of underlying mechanisms that are not altogether understood. In the only
experiments we know of to assess salinity impacts, Shiaris [1989] found no relationship
between in situ salinity and PAH utilization in Boston Harbor.

Evaluating PAH Biodegradation Relative to Total Bacterial Carbon Demand…

13

Dissolved Oxygen Concentrations
Microbial degradation of organic matter occurs most effectively in the presence of
oxygen, thus the availability of dissolved oxygen (DO) plays an extremely important role in
the longevity and cycling of organic matter in aquatic systems. Organic matter loading to
estuarine ecosystems typically exceeds the input of oxygen that would be necessary to
convert it all into CO2, resulting in the accumulation of unconsumed organic matter,
particularly in the sediments. Researchers have found that the oxygen demand of 1ml of
sediment in the Georgia coastal zone during summer was equivalent to the total amount of
dissolved oxygen in almost 1 L of overlying water [Day et al. 1989]. Oxygen consumption in
the water column alone is lower, yet still substantial and at rates typical of estuarine systems
can drive the water column hypoxic (i.e. < 2mg L-1) in 5-7 days [Jonas 1997]. The
availability of dissolved oxygen is also determined to a large extent by ambient water
temperatures, as temperature regulates the solubility of oxygen in water and mediates the
magnitude of the very metabolic processes (discussed above) that consume oxygen. Sediment
oxygen consumption (SOC) rates generally increase with increasing temperature until bottom
water concentrations of dissolved oxygen fall below 2.5 mg L-1, at which point SOC rates
become oxygen limited [Cowan and Boynton 1996]. Likewise, dissolved oxygen
concentrations tend to be higher in colder months when solubility is higher and pelagic and
benthic respiration is lower [Hopkinson, Jr. and Smith 2005]. In this regard, temperature and
oxygen interact to regulate the relationship between oxygen availability and microbial
metabolism. The primary mechanism is the requirement of oxygen as a terminal electron
acceptor in aerobic respiration, with temperature modulating the availability of oxygen
directly through the effect on solubility and indirectly via stimulation of oxygen-consuming
microbial metabolic processes. As briefly discussed in the introduction, DO appears to have a
profound effect on PAH biodegradation in estuarine sediments – seemingly to the exclusion
of most other environmental forcing factors [Bauer and Capone 1985, Hurst et al. 1996,
Boyd et al. 2005a].

Types and Lability of NOM in Estuarine Environments
The term “labile organic matter” is often applied to OM utilized for bacterial re-growth
in 1-2 weeks. Thus LOM represents the net lability of the highly-labile pool (L1) and that of
the intermediate lability (L2) pool [Søndergaard and Middelboe 1995, del Giorgio and
Davis 2003]. Although it is tempting to routinely combine the L1 and L2 pools, first order
organic matter decay rates (k) for these substrate pools are often significantly different.
Hendrickson, et al. [2007] demonstrated that k values range from 0.094 to 0.001 day-1
depending on the source of the organic mater. del Giorgio and Davis [2003] identified similar
differences in the shape of slopes describing the consumption of organic matter, with
evidence of rapid consumption of the highly-labile fraction relative to that of intermediate
lability. However, following the consumption of DOM over longer periods, (i.e. 7-10d)
across a wide range of estuaries reveals higher proportion of semi-labile DOM and
underscores the importance of this DOM in carbon cycling in estuarine systems. Thus, the
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most labile substrates in aquatic systems appear to originate from autochthonous sources,
specifically phytoplankton [Münster and Chróst 1990, Canuel and Martens 1993,
Søndergaard and Middelboe 1995, Connolly and Coffin 1995], and exhibits the highest k
value of all classes of organic matter routinely observed in estuarine systems [Hendrickson et
al. 2007]. However, microbial carbon consumption is supplemented by a pool of semi-labile
DOM, especially in estuarine systems.
The relative lability of the OM pool exhibits seasonal patterns which are linked to
kinetics of supply of allochthonous and autochonous sources [Hamdan and Jonas 2006,
Hendrickson et al. 2007]. In the Chesapeake Bay and Delaware Bay, during Fall of 2003, on
average, the water column L1 pool accounted for 9 to 12% of the total DOM pool (Table 2).
Conversely, during spring 2004, the water column L1 pool accounted for 24-34% of total
DOM indicating that the supply of autochonous DOM resulting from phytoplankton primary
production greatly influenced the lability of the bulk pool. A similar pattern was observed in
the mesohaline Potomac River, where the concentration of LDOM was often highest during
early spring and late summer in surface waters in conjunction with a bimodal chlorophyll a
maximum [Hamdan and Jonas 2006].
Seasonal cycles in sediment LOM concentration and composition have also been
observed in Cape Lookout Bight, NC [Canuel and Martens 1993], and San Francisco Bay
[Lesen 2006] which reflect autochonous production and supply of LOM to the water column.
Deposition of particulate matter to sediments resulting from phytoplankton primary
production is the dominant source of LOM in many locations [Zimmerman and Canuel 2001,
Sobczak et al. 2002, Stepanauskas et al. 2005]. In Cape Lookout Bight LOM accounts for
approximately 21% of the total sediment OM pool, higher than the average observed in
aquatic systems, and results primarily from phytoplankton-derived particulate organic matter.
Organic matter derived from terrestrial sources is a minor component of sediment LOM in
this location [Canuel and Martens 1993, Sobczak et al. 2002, Stepanauskas et al. 2005]. A
study of San Francisco Bay by Sobczak et al. [2002] revealed that LDOM contributes
significantly to the LOM pool and at times equals or exceeds LPOM. Unlike most locations,
data from San Francisco indicate that LDOM in sediments results from deposition and
hydrolysis of LPOM but also from direct import of LDOM from the water column. This
indicates that LDOM import is anomalous in this location compared to other estuaries,
however, in general, DOM import to estuarine sediments is rarely studied.
Pulses of LOM or phytoplankton biomass in the water column result in a time lagged
(depending on hydraulic residence) depositional event of LOM to sediments. The deposition
of LOM may have a significant and predictable impact on mineralization rates of OM as well
as contaminants in estuarine sediments. Differential bacterial utilization of OM types impact
the resulting composition of the bulk OM in sediments. The rapid uptake of the L1 and L2
fraction will result in an increasingly refractory OM pool [Canuel and Martens 1993,
Hendrickson et al. 2007] and thus results in a complex mixture of increasingly humic
material. Microbial utilization of the remaining (bulk) material is poorly understood due to
limited knowledge of chemical structure and substrate utilization rates of the R fraction of
OM [Münster 1993, Hendrickson et al. 2007]. The presence of high concentrations of ROM
in marine and estuarine sediments will enhance sediment affinity for hydrophobic
anthropogenic substrates such as PAHs [Xing 1997, Lueking et al. 2000, Granberg et al.
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2005, Parrish et al. 2005]. However, an increase in the bulk organic matter content (L1, L2
and R) may decrease the magnitude of sorption of PAHs to sediment particles and thus render
PAHs more bioavailable.

Influence of LOM on Mineralization of PAHs
In sediments with elevated concentration of labile substrates, relative to OM poor
locations, the utilization of refractory compounds, such as PAH may be reduced due to
selective utilization of more labile compounds[Hendrickson et al. 2007]. However, some
studies indicate that the uptake of recalcitrant OM may actually be enhanced by the presence
of organic LOM or other organic compounds [Turnewitsch et al. 2007]. Some studies have
investigated the impact of OM additions on the bioavailability (to bacteria) of specific PAHs
(e.g., naphthalene, fluoranthene, and pyrene). In one study, non-PAH contaminated marine
sediments were amended with a 2% increase in total organic carbon resulting from terrestrial
lignin (R source) and lysed microalgae (Tetraselmis sp.) (LOM source), the latter of which
was high in fatty acids and amino acids (L1 and L2) [Granberg et al. 2005]. To the same
samples, 30 μg g-1 pyrene was added to determine the effect of OM additions on pyrene
bioavailability. In surface (oxic) sediments amended with LOM, microbial pyrene
mineralization (measured as 14CO2 evolution) was 31% higher than observed in unamended
sediments and 55% higher than observed in R amended sediments. The addition of LOM may
have enhanced mineralization rates due to the addition of both carbon and nitrogen, the latter
which may have been the a limiting nutrient. However, the addition of ROM resulted in
lower mineralization rates compared to both the LOM-amended and control treatments.
Bonding of pyrene to lignin leading to lower bioavailability was used to explain this finding.
Xing [1997] likewise observed that sorption of naphthalene to soil organic matter increased
as the aromaticity of the soil increased, and relativity lability of the OM pool decreased.
Selck et al. [2005] conducted a experiment to determine the relative bioavailability of
fluoranthene after sediments were amended with ROM (terrestrial lignin) and LOM
(Tetraselmis sp. Lysate). After 45 days of exposure, fluoranthene contaminated sediments
amended with LOM had an 80% decline in total organic carbon indicating increased
mineralization rates of both fluoranthene as well as bulk OM compared to unamended
controls. Conversely, organic carbon content moderately increased in ROM treated
sediments. After 45 days of exposure, the lowest concentrations of fluoranthene and highest
concentrations of daughter products of fluoranthene were detected in sediments enriched with
LOM. Interestingly, in the presence of LOM, the toxicity of fluoranthene to Amphiura
filiformis (brittle star) increased, likely due to the production of daughter products during
microbial degradation.
The studies described above indicate that bacterial mineralization of PAHs in sediments
containing LOM may occur more rapidly than in sediments enriched with ROM due to both
physicochemical and biological interactions between substrate, contaminant and sediment
[Xing 1997, Lueking et al. 2000, Granberg et al. 2005, Selck et al. 2005]. A survey of
estuarine sediments in Delaware Bay near Philadelphia, PA showed no correlation between
bulk sediment DOM and PAH mineralization (naphthalene, phenanthrene and fluoranthene)
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[Boyd et al. 2005a]. However, sediment OM was not fractionated to determine the proportion
of labile and recalcitrant material. Such information would greatly enhance understanding of
PAH mineralization in natural estuarine sediments, specifically after seasonal depositional
events of autochonous OM.
The period that LOM concentrations in the water column and sediments in temperate
estuaries are highest (late spring to early summer) [Canuel and Martens 1993, Canuel and
Zimmerman 1999, Zimmerman and Canuel 2001, Stepanauskas et al. 2005] coincides with
annual maximum increases in ambient sediment temperature and the onset of seasonal water
column hypoxia in some estuaries [Shiah and Ducklow 1994b, Hamdan and Jonas 2006].
Some reports indicate that temperature increases have a minor impact on PAH mineralization
rates, and instead the availability of molecular oxygen has the strongest impact on regulating
PAH mineralization [Boyd et al. 2005b]. The data above indicates that seasonal patterns in
PAH mineralization may also be attributable to increased bioavailability of PAHs due to
physical-chemical interactions with fresh LOM or stimulation of microbial communities of
PAH degraders due to the presence of fresh LOM.

IV. PAH Biodegradation in Estuaries
Ambient PAH concentration is the net result of PAH flux into the media minus chemical
and biological removal. In bioremediation studies, PAH concentrations have been measured
in sediments over time and if the concentration of a given compound changes little, then it is
assumed that the PAH is poorly biodegraded or recalcitrant. However, this determination
cannot truly be made in the absence of knowledge of the amount of flux or biodegradation
rate. Although flux is difficult to measure in natural systems, there are two reports comparing
PAH flux to biodegradation rates in coastal sediments [Pohlman et al. 2002, Chadwick et al.
2006]. Chadwick et al. [2006] concluded that PAH flux to the sediments of San Diego Bay
(sediment trap study) was largely negated by PAH biodegradation (radiotracer additions) in
bioturbated surface sediments. Other transport processes (e.g. groundwater seepage,
diffusion) were several orders of less significant in affecting ambient PAH concentration.
Pohlman et al. [2002] came to a similar conclusion when examining seasonal PAH transport
on particles into the Naval Reserve Basin in Philadelphia though they found that PAH
metabolism was a larger component of total heterotrophic organic matter degradation during
the winter months (higher oxygen levels).
In six of the seven ecosystems studied (Table 1), average naphthalene mineralization
rates were less rapid than either those for phenanthrene or fluoranthene or both. A similar
phenomenon has also been reported by Rockne and Strand [2001]. Though we did not find a
linear relationship between PAH concentration and mineralization rate, we did find the same
general trends of higher mineralization rates being associated with sediments with higher
ambient PAH concentrations (Figures 1-7). This trend is more evident is ecosystems with a
greater range of ambient PAH concentrations (1 to 10,000 µg g-1), such as Pearl Harbor, HI
(Figure 1). PAH flux may be more related to ambient PAH concentration in sediment at the
extremes, that is, relatively pristine environments with little anthropogenic impacts would
likely have both low ambient PAH concentrations (below 1 µg g-1) and low flux (and
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likewise low mineralization). Heavily impacted ecosystems (PAH concentration > 100 µg g-1)
might be expected to have such high flux that the microbial system is overwhelmed and a
high ambient PAH concentration may be maintained despite relatively high mineralization
rates. In sediments in most anthropogenically influenced ecosystems (PAH concentration = 1100 µg g-1), the PAH inputs could be episodic and so PAH flux and ambient concentration
would be more uncoupled.
To further investigate the relationship between ambient PAH concentration and PAH
biodegradation, we took data from published reports of flask studies of bioremediation
treatments. Because PAH mixtures used in the studies typically have different concentrations
of the various PAH compounds, the initial concentration of the individual PAH compound
was regressed with the amount of that compound that had biodegraded over the course of the
treatment.
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Figure 1. log Total PAH related to log mineralization of naphthalene, phenanthrene and fluoranthene,
Pearl Harbor, HI.
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Charleston, SC
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Figure 2. log Total PAH related to log mineralization of naphthalene, phenanthrene and fluoranthene,
Charleston Harbor, SC.
Norfolk, VA
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Figure 3. log Total PAH related to log mineralization of naphthalene, phenanthrene and fluoranthene,
Norfolk Harbor, VA.

Evaluating PAH Biodegradation Relative to Total Bacterial Carbon Demand…

19

Newport, RI
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Figure 4. log Total PAH related to log mineralization of naphthalene, phenanthrene and fluoranthene,
Newport Harbor, RI.
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Figure 5. log Total PAH related to log mineralization of naphthalene, phenanthrene and fluoranthene,
Delaware Bay and Schuylkill River, Philadelphia, PA.
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San Diego, CA
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Figure 6. log Total PAH related to log mineralization of naphthalene, phenanthrene and fluoranthene,
San Diego Bay, CA.
San Francisco, CA
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Figure 7. log Total PAH related to log mineralization of naphthalene, phenanthrene and fluoranthene,
San Francisco Bay, CA.
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If chemical structure of the individual compound was more important to biodegradation
than initial concentration, then there would be a non-linear relationship between initial
concentration and amount biodegraded. Data calculated from Talley et al. [2002], Lantz et al.
[1997], and Ghosh et al. [2003] showed linear relationships (r2 = 0.96, 0.98, 0.93,
respectively) between initial PAH concentration and the amount of the individual PAH that
was biodegraded (Figure 8). This suggests that in these bioremediation treatments, chemical
structure was not a determinant of whether a compound was recalcitrant to biodegradation.
The relationship was even stronger (r2 = 1.0) in Ko et al. [1995] data comparing the
concentration of individual PAHs in sediment trap samples with those that eventually make it
through the biodegradation process in the water column and nepheloid layer into the sediment
(Figure 8). This relationship even held when comparing unbranched phenanthrene (C0) to
branched isomers (C1-C5) (r2 = 0.99, Figure 8) [Dutta and Harayama 2000]. Ratio changes
among parent and branched isomers of PAHs are often given as evidence of biodegradation
or weathering of the hydrocarbons. Interestingly, the C6 and C7 isomers were biodegraded
much less than was predicted based on their initial concentration suggesting that only the
C0:C6 or C0:C7 may be useful as a relative measure of biodegradation.

Impact of Temperature and Salinity
While salinity may play a part in controlling NOM utilization, there was no evidence for
salinity control on sediment production or PAH mineralization in this study (r2 < 0.20, P <
0.05).
Biodegradation of individual PAHs related to their starting concentration
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Figure 8. Initial concentration related to degraded amount with 2-5 ring PAHs spiked into sediment.
Linear regressions: y = 0.60x – 0.43; r2 = 0.97, [Talley et al. 2001]; y = 0.94x – 0.25; r2 = 0.98, [Lantz
et al. 1997]; y = 0.88x – 2..7; r2 = 0.93, [Ghosh et al. 2003]; y = 0.98x – 9.1; r2 = 1.0, [Ko et al. 1995]; y
= 1.0x - 37; r2 = 0.99, [Dutta and Harayama 2000].

22

Thomas J. Boyd, David C. Smith, Jude K. Apple et al.

Data for each site were subjected to linear regression both in terms of raw data and as
seasonal averages where available [see Boyd et al. 2005 for methods]. Our results are similar
to those of Shiaris [1989a]. Salinity, being a conservative tracer, should indicate what
proportion of oceanic to estuarine end-member resides in a given parcel of water. Though
OM lability varies between freshwater, estuarine and seawater end-members, sediment PAH
mineralization and microbial activities (bacterial production, [Smith and Azam 1992])could
not be related to mixing processes. In estuarine systems exposed to tidal salinity fluctuations,
microorganisms should be less likely to undergo metabolic shifts due to salnity changes.
Early reports suggested changes in salnity might be responsible for flocculation of particles
and eventual settlement [Sholkovitz 1976], thus perhaps providing additional substrate to the
sediments when mixing is intense. It is now widely accepted that estuarine mixing is less
universal in dictating particle deposition in most of an estuary [Fisher et al. 1998]. Organisms
would thus be less likely to ramp up their metabolism when sensing higher ionic strength.
Finally, chronic deposition of particle-associated PAHs might likely obscure any fine-scale
salinity or temperature relation to microbial PAH degradation in

Figure 9. Average temperature and bacterial production in an fuel-impacted tidally-influenced
groundwater well (Norfolk, VA).

As with salinity, we were unable to correlate any microbial activity index with
temperature (r2 < 0.38, P < 0.05). This was somewhat surprising for bacterial production,
which is known to vary seasonally with temperature. In order to gain a higher resolution, we
sampled a groundwater well which was contaminated with fuel hydrocarbons (significant
levels of PAHs) and known to be tidally influenced. The well was located at the Norfolk
Naval Station in VA (USA). Sampling was performed every two hours for two days. The well
was so sampled five times over a two year period. Over the entire sampling period bacterial
production was found to loosely track seasonal temperature shifts (Figure 9). Similar
temperature effects were not seen with naphthalene, phenanthrene or fluoranthene
mineralization. PAH mineralization was highest in March, May and October, representing
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cooler months. As with sediments in Delaware Bay near Philadelphia, we hypothesize higher
temperatures stimulate overall heterotrophic production which is fueled by more labile
carbon substrates negating a direct relationship between production and PAH mineralization
[Boyd et al. 2005a].
Mineralization of PAH related to DO
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Figure 10. Relationship between sediment PAH mineralization rate and bottom water DO in Charleston
Harbor estuary.

Impact of Dissolved Oxygen
PAHs are known to be degraded under anoxic conditions, however much of the burden to
the sediments comes from chronic deposition of particle-associated PAHs [Ko and Baker
1995, Arzayus et al. 2001, Pohlman et al. 2002, Countway et al. 2003, Ko et al. 2003]. We
are aware of only one study which examined the influence of multiple forcing factors on
PAH biodegradation in estuarine sediments which encompassed all temperate seasons
[Pohlman et al. 2002, Boyd et al. 2005a]. In this study of the Delaware Bay and Schuylkill
River, a positive relationship was observed for naphthalene, phenanthrene and fluoranthene
mineralization and ambient concentration, although linear regressions were not significant
(Figure 5). The influence of temperature and DO were evaluated and it was found that DO
was the primal forcing factor dictating mineralization rate in surface sediments. The overall
conclusion was that during cooler months, when overall heterotrophic activity is suppressed,
relatively cool, highly oxygenated water allows for maximum PAH biodegradation rates. At
these times of year, deposition is low, so PAH mineralization can approximate PAH settling.
During warmer months, when high overall production utilizes DO toward hypoxia in surface
sediments, PAH mineralization is low and relatively high deposition rates increase net PAH
accumulation in surface sediments.
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Most of the other studies described in this chapter spanned several seasons, but only in
Charleston, SC and Chesapeake Bay (Norfolk) sites were seasonal data available. In the case
of Charleston, DO was not available from shipboard sensors, however for several of the field
campaigns, representative numbers were available from South Carolina Department of Health
and Environmental Control’s (www.scdhec.net) monitoring network. PAH mineralization
was regressed against DO, but we found no linear relationship as in Delaware Bay (Figure
10). While this was somewhat surprising, it is clear from the data that DO never approached
levels of hypoxia during any of our samplings. In the Delaware Bay, two summer seasons
showed considerable hypoxia and we observed a significant “inflection” in the relationship
between PAH mineralization and DO at about 70% saturation. Because the Delaware Bay
work spanned DO down to ~30 % saturation where little PAH mineralization occurred, it is
clear that at this site DO plays a major role in facilitating PAH biodegradation.
Unlike the Delaware Bay work, DO did not correlate with PAH biodegradation or
bacterial production in Chesapeake Bay sediments (Norfolk). Much like relationships
between PAH concentration and degradation, correlations were not significant, but a general
trend showing higher rates coincident with higher DO was evident (Figure 11 as an example).
Seasonal measurements of temperature, salinity, DO, and PAH mineralization were averaged
for the seven seasonal samplings in Norfolk. Unlike the Delaware Bay samples, correlations
were insignificant for all potential forcing factors (r2 < 0.25, P < 0.05). Data from the higher
resolution sampling at the groundwater well showed a clearer trend toward higher DO
relating to higher PAH mineralization (Figure 12). Correlation coefficients for all three
substrates were higher, but still not significant (r2 < 0.45, P < 0.05). While the relationship
was strong in the Delaware Bay samples, it cannot be stated that a statistically significant
relationship exists between DO and PAH mineralization a t the other sites included in this
study.
Relation of phenanthrene mineralization to dissolved oxygen
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Figure 11. Relationship between sediment phenanthrene mineralization rate and bottom water DO in
labeled estuary.
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Figure 12. PAH mineralization related to DO over tidal cycles in fuel-contaminated groundwater.

Impact of Recalcitrant DOM
In order to determine the impact of recalcitrant OM on sediment bacterial production and
PAH mineralization, lignin phenols were measured for selected sites [Goñi and Montgomery
2000]. If lignin behaves as a proxy for ROM in estuaries (as a component of humic material),
it’s sedimentary content should have either a positive (by stimulating degraders to become a
larger proportion of the overall microbial assemblage) or negative (by competing with PAHs
for microbial attack) impact on PAH biodegradation. Previous studies have linked the
addition of labile OM with increases in PAH biodegradation, while addition of ROM hinders
PAH biodegradation. We have found no correlation with overall heterotrophic production
(which should be a proxy for availability of LOM) and PAH mineralization in any of our
data. In natural systems, LOM should out-compete PAHs for available limiting nutrients and
DO when the microbial assemblage is active (i.e. during warmer periods in temperate
estuaries). As with others, we have observed coherence between ambient temperature and
bacterial production [c.f. Boyd et al. 2005, Figure 14], although statistical regressions have
generally been insignificant.
In San Francisco Bay and Charleston Harbor sediments, there was a very loose negative
relationship between PAH mineralization and total lignin content for naphthalene and
fluoranthene mineralization (Figure 13) while no relationship was observed for phenanthrene
mineralization. In Norfolk Harbor sediments, we observed no or a very loose positive
relationship between total lignin content and sediment PAH mineralization (Figures 14). In
all cases, it was not possible to correlate sediment PAH mineralization with sediment lignin
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content (r2 < 0.25, P < 0.05). The presence of lignin in sediments likely provides an
environmental stimulus to harbor if not deploy the enzymes for aromatic hydrocarbon
degradation. We hypothesized that a concentration-dependent biodegradation response
similar to what is observed with total PAH content would also be observed with lignin. At
this point, it is not possible to assess the impact of in situ ROM on PAH biodegradation in the
environment, though ROM additions appear to inhibit PAH utilization in laboratory
experiments.

V. Conclusion
In this study we have relied on large datasets to visualize trends in PAH mineralization
and some of the environmental forcing factors which might impact its rate. PAHs represent a
refractory energy and carbon source that is degradable by estuarine sediment microbes (and
likely particle-associated or attached water column bacteria). PAH were degraded in every
site presented here, making biodegradation potential a ubiquitous phenomenon. If broad
specificity enzyme systems are expressed in response to sediment PAHs, it is likely that PAH
structure has less control over PAH biodegradation rate as in situ PAH concentration. Ample
concentration is likely necessary to stimulate biodegradation. Two to five ring PAHs
generally showed a linear response to biodegradation based on their starting concentration(s).
Sediment PAH concentration appears to be the major factor found to control PAH
biodegradation. Higher concentrations stimulate microorganisms to switch from utilizing
labile substrates to PAHs.
PAH mineralization as function of lignin concentration
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Figure 13. Relationship between total sediment lignin phenols and PAH mineralization, San Francisco
Bay.
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PAH biodegradation in surface sediments was also found to be influenced by DO availability.
In cooler months, when DO is relatively high, but overall heterotrophic production is
temperature depressed, PAH mineralization may be highest. This observation was
demonstrated markedly in Delaware Bay [Boyd et al. 2005a] and to a lesser degree in a
tidally-influenced fuel-impacted groundwater plume. However, DO was not determined to be
a major controlling factor for PAH biodegradation in Chesapeake Bay sediments near
Norfolk, VA. Temperature and salinity were not determined to be controlling factors in PAH
biodegradation, although temperature may control overall heterotrophic activity in temperate
estuaries. Recalcitrant organic matter represented by lignin might impact PAH
biodegradation by both up-regulating the synthesis of catabolic enzymes and competing with
PAH for those enzymes. We observed both positive and negative relationships between lignin
content and PAH mineralization. A needed component for exploring sediment PAH
degradation is a more thorough understanding of ROM and PAH fluxes. All of our studies
have focused on industrial waterways where field sampling represents only a snapshot in
time. Mass balance estimates suggest relatively high particle-bound PAH fluxes to the
sediments [Arzayus et al. 2001, Pohlman et al. 2002, Countway et al. 2003]. Regardless of
which factors control rates, biodegradation must account for much of the difference between
total PAH deposition and ultimate PAH burial in estuarine sediments.
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